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INTRODUCTION

High concentrations of inorganic trace elements in irrigated soils and
shallow groundwater pose a threat to agricultural production and the
health of humans and animals. They do so in three ways: (1) trace ele-
ments can accumulate in plants to levels that cause phytotoxicity; (2) trace
elements in plants can adversely affect humans and animals that consume
those plants; and (3) trace elements can migrate with seepage through the
rootzone and into groundwater, possibly re-emerging with subsurface
drainage in surface waters, thereby affecting wildlife, or with groundwater
pumped for domestic use, thereby threatening the health of humans.

The objective of this chapter is to provide a framework for understand-
ing trace element chemistry in soils and groundwater: the processes that
affect trace element concentrations in soils, the biochemical behavior of
trace elements in soils, and the methods for evaluating pollution potential
in soils in irrigated agricultural areas. Problematically high concentrations
of trace elements in soils and groundwater in irrigated areas can occur con-
comitant with soil and groundwater salinity and can be affected by similar
processes that affect soil and groundwater salinity. Problematically high
trace element concentrations may also occur independent of salinity. We
will describe processes that affect the mobility of trace elements.

We have focused on elements designated by the U.S. Environmental
Protection Agency (EPA) as priority pollutants (EPA 1986) and on elements
that have been documented as pollutants associated with irrigated agricul-
ture. We have divided the trace elements into four categories: (1) alkali and
alkaline-earth metals [barium (Ba) and lithium (Li)]; (2) transition metals
[chromium (Cr), molybdenum (Mo), and vanadium (V)]; (3) metalloids
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[arsenic (As) and boron (B)] and the nonmetal selenium (Se); and (4) infor-
mally denoted heavy metals [cadmium (Cd), copper (Cu), lead (Pb), mer-
cury (Hg), nickel (Ni), and zinc (Zn)].

PROCESSES AFFECTING TRACE ELEMENT CONCENTRATIONS

Precipitation and Dissolution

Mineral precipitation and dissolution reactions often govern the activi-
ties of trace elements in soil solutions. These reactions generally are
described by a solubility product relation in which the solid dissolves to
form soluble constituents. For example, the solubility of solid barite,
BaSO4(s), may control the activity of Ba2� in the soil solution of arid-zone
soils and groundwaters (Hem 1985). At constant temperature and pres-
sure, a solution in equilibrium with BaSO4(s) is described by the following
equation:

BaSO4 (s) ⇆ Ba2� � SO4
2� (4-1)

The reduced thermodynamic equilibrium constant expression for this
reaction is:

Kso � (Ba2�) 	 (SO4
2�) (4-2)

where ( ) denotes activities, the solubility product constant Kso has a value
of about 10�10 at 25 °C and 1 atmosphere pressure (Hem 1985), and H2O
and BaSO4(s) are assumed to be in their standard states with activities
equal to unity.

Mineral phases affecting the activities of some trace elements in soil
solutions and groundwaters can be assessed by calculating mineral satu-
ration indices. The mineral saturation index (SI) is equal to the logarithm
value for the quotient of the ion-activity product (IAP) and mineral solu-
bility product constant, or SI � log (IAP/Kso). Negative saturation-index
values indicate mineral undersaturation, while positive values indicate
supersaturation. Values approaching zero indicate possible thermody-
namic mineral equilibrium.

Supersaturation often indicates that kinetic constraints are preventing
precipitation. The result of this evaluation alone, however, does not con-
stitute proof that a particular mineral phase is present and affecting trace
element concentrations, nor that it is absent and not a factor in a water’s
trace element chemistry. Mineralogical data can be collected to identify
the presence of suspected minerals, thereby providing evidence to sup-
port the results of SI calculations.
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Evaluation of SIs is limited by the availability and accuracy of min-
eral thermodynamic data that affect trace element concentrations. Sev-
eral computer models calculate SIs based on currently available thermo-
dynamic data. Nordstrom et al. (1979b) and Nordstrom and Ball (1984)
reviewed a number of these codes. All codes assume that pure solid
phases at their standard states are either present or will precipitate.
Solid phases with unit activities probably are rare in natural systems
(Corey 1981).

The evaluation of mineral SIs assumes equilibrium. This may be
invalid in some natural systems. In general, the use of equilibrium cal-
culations in mineral aqueous systems is valid only when the residence
time of the water greatly exceeds the reaction half-life (Langmuir and
Mahoney 1984).

For the case of mineral dissolution (mineral-water equilibria) and
crystallization, equilibrium conditions may not be present in many nat-
ural systems, depending on the specific reactions and residence times.
In contrast, the use of equilibrium calculations for solute-solute or
solute-water interactions, such as complexation or acid-base reactions,
generally will be valid because of the relatively rapid reaction rates, as
long as the solution-theory model is adequate to describe the solution
considered and the thermodynamic parameters are known with reason-
able accuracy.

Solution-Phase Speciation of Trace Elements

The total (analytical) concentration of any given trace element in the
aqueous phase depends on the ionic strength of the solution and the con-
centrations of other ions with which the trace element forms complexes.
For example, the total aqueous concentration of Cd consists of the sum of
the concentrations of uncomplexed Cd2� and all of the possible com-
plexes formed in solution. This may be expressed mathematically by the
following mass-balance equation:

[Cd]total � [Cd2�] � [CdSO0
4] � [CdNO�

3] � [CdCl�] �
[CdCl0

2] � [Cd-Org] � . . . (4-3)

where [ ] represents molar or molal concentration and Cd-Org represents
cadmium complexed by dissolved organic matter.

At constant temperature and pressure, the formation of a soluble com-
plex, for example, CdCl�, can be described by the following mass action
equation:

Cd2� � Cl�⇆ CdCl� (4-4)

CHEMISTRY OF TRACE ELEMENTS IN SOILS AND GROUNDWATER 91
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The reduced thermodynamic stability constant expression for this reac-
tion is

(4-5)

where ( ) denotes activities and H2O is assumed to be at unit activity.
Values of stability constants for inorganic complexes involving trace
elements or free energy values from which the stability constants can be
calculated are published extensively in the literature (see Nordstrom et al.
1979b). For Cd and other metals, pH plays an important role in determin-
ing the predominant species in soil solutions and groundwater. For
example, at pH values below 7.0, Cd�2 is the predominant dissolved Cd
species representing 70% to 99%. At pH values above 7.0 in a typical cal-
careous soil, CdCO3 is the predominant species, representing more than
80% at pH values above 8.5 (Adriano 2001).

The activity of a single ion can be expressed as ai � mi yi, where ai � the
activity of ion i, mi � the molal (or, in dilute solutions, molar) concentra-
tion of species i, and yi is the activity coefficient of species i. For extremely
dilute solutions (i.e., approaching infinite dilution), activities are approxi-
mated by molar concentrations for all species and yi equals unity. As the
concentrations of charged dissolved constituents increase, yi decreases.
This decrease represents the degree of departure from ideality of the ionic
properties of species i. Individual ion-activity coefficients can be calculated
in different ways, depending on the ionic strength of the solution. See
Chapter 3 for a complete discussion of calculation of ionic strength and
ionic-activity coefficients.

Adsorption

Activities of trace elements in soil solutions and natural waters fre-
quently are too low to be controlled by precipitation and dissolution of
pure solid phases. Additionally, slow precipitation kinetics result in
supersaturation with respect to many oxide, hydroxide, and carbonate
minerals. Therefore, adsorption reactions occurring at the solid–liquid
interface are significant mechanisms controlling trace element activities in
many natural waters (Jenne 1977).

Adsorption reactions occur mainly in the clay mineral size fraction of
the soil and aquifer material at the surfaces of layered aluminosilicate
minerals. The reactive surfaces include amorphous oxides and hydrox-
ides of Fe, Mn, and Al; organic matter containing weak-acid functional
groups; and metal carbonates, such as calcite, CaCO3(s), and dolomite,
CaMg(CO3)2(s) (Jenne 1977). These soil components have the highest sur-
face area and, therefore, the greatest contact with soil water. Even though

Ks �
�

� �

( )
( )( )

CdCl
Cd Cl2

92 AGRICULTURAL SALINITY ASSESSMENT AND MANAGEMENT
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their total concentrations may be relatively low, amorphous oxides,
hydroxides, and organic matter occur as coatings on clay-mineral sur-
faces, thereby exerting considerable control on activities of trace elements
in natural waters. In contrast, colloidal-size (�1 �m) calcite is often found
in the clay mineral fraction of arid and semiarid soils. Calcite is an impor-
tant adsorptive surface for metals. It buffers the soil pH in the alkaline
range and decreases metal activities. Jenne (1977) presented an excellent
review of these topics.

Adsorption of trace elements can be nonspecific, involving simple elec-
trostatic attractions, or specific, involving coordinate covalent bonding.
Trace element adsorption occurs at surfaces where the nature of the sur-
face charge affects the extent of the reaction. The permanent negative
surface charge of 2�1 layered silicates arises from isomorphous substitu-
tion of Al3� for silicon (Si4�), substitution of a divalent cation for a triva-
lent cation (e.g., Mg2� for Al3�), or substitution of a monovalent cation for
a divalent cation (e.g., Li� for Mg2�) (Bohn et al. 1979).

The permanent negative charge of layered silicate minerals is balanced
by a diffuse cloud of cations. The cations, or counter ions, are electrostati-
cally attracted to the negative surface, thereby increasing their concentra-
tion near the surface. This creates a concentration gradient favoring diffu-
sion away from the surface. The opposite is true for anions. The balancing
of these two opposing processes determines the distribution of cations
and anions near the permanent charge surface, often referred to as the dif-
fuse or electric double layer (van Olphen 1977). The simplest interpreta-
tion of adsorption selectivity of cations is that constant charge surfaces
favor higher valence cations (stronger coulombic attraction) and smaller
hydrated radii (closer approach to the surface).

In contrast to permanent charge sites, charge sites that are pH-
dependent exist on broken edges of layered silicate minerals, hydroxy-
lated surfaces of metal oxides and hydroxides, and weak-acid functional
groups of organic material. Adsorption reactions at pH-dependent charge
sites require the formation of surface complexes and some degree of coor-
dinate covalent bonding, which results in the specificity of the adsorption
reactions. Figure 4-1 depicts reactions that may take place at the hydroxy-
lated surfaces of metal oxides, as suggested by Schindler (1981).

Figure 4-1a shows the weak-acid nature of the surface hydroxyls. At
low pH, the surface hydroxyl will be protonated and positively charged,
giving rise to some anion exchange capacity. At higher pH, the surface is
negatively charged and can contribute to the soil’s cation exchange
capacity.

Figure 4-1b shows reactions for a dissolved trace metal cation (e.g.,
Cd2� or Zn2�) forming a surface complex by covalent bonding to the sur-
face, displacing protons. Similarly, ligands can exchange with surface
hydroxyls (Fig. 4-1c). The adsorption of a dissolved metal ion also can

CHEMISTRY OF TRACE ELEMENTS IN SOILS AND GROUNDWATER 93
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94 AGRICULTURAL SALINITY ASSESSMENT AND MANAGEMENT

FIGURE 4-1. Coordination phenomena at oxide–water interfaces: (a) acid-base
reactions at surface hydroxyl groups; (b) deprotonated surface hydroxyls coordi-
nate with dissolved metal ions; (c) surface hydroxyls are replaced by dissolved lig-
ands; (d) dissolved metal ion coordinates with both deprotonated surface hydroxyls
and dissolved ligands; (e) dissolved multidentate ligand coordinates with both x
and the dissolved metal ion M. From Schindler (1981) with permission.

coordinate a dissolved ligand (Fig. 4-1d), and adsorption of a dissolved
ligand can coordinate a dissolved metal ion (Fig. 4-1e). Similar reactions
occur at edges of layered silicate minerals (e.g., kaolinite edges) and at
weak-acid functional groups attached to organic material (e.g., carboxylic
acid functional groups).
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Hendrickson and Corey (1981) demonstrated the dependence of Cd
selectivity on adsorption site coverage for a variety of solids. A contin-
uum of different types of sites exists in natural systems, ranging from
extremely specific sites at low trace element concentrations to nonspecific,
cation-exchange-type sites at high concentrations. In natural systems
where a small proportion of total site coverage by trace metals or trace
element oxyanions is expected, specific adsorption is usually the domi-
nant process controlling the concentrations of many trace metals and
trace element oxyanions.

Trace metals compete with each other for adsorption on minerals and
soils. Kinniburgh et al. (1976) showed that the selectivity sequence for
iron oxide gel was Pb2� � Cu2� � Zn2� � Ni2� � Cd2� � Co2� � Sr2� �
Mg2�. For Al oxide gel, the sequence was Cu2� � Pb2� � Zn2� � Ni2� �
Co2� � Cd2� � Mg2� � Sr2�. Forbes et al. (1976) found trace metal affini-
ties for goethite to be Cu2� � Pb2� � Zn2� � Co2� � Cd2�. Kuo and
Mikkelsen (1979) compared Zn2� competition with other trace metals for
adsorption on two alkaline soils. They found the adsorption selectivities
relative to Zn2� to be: Hg2� � Cu2� � Fe2� � Mn2�.

Ligand exchange of anions for surface hydroxyls is the predominant
process affecting the specific adsorption of oxyanions on goethite (e.g.,
Goldberg 1985; Hingston 1981) and soils (Fujii et al. 1988; Goldberg et al.
2000, 2002, 2005a,b, 2007, 2008; Neal et al. 1987a,b). Hingston et al. (1968)
showed that affinity for anion adsorption on goethite followed the order
phosphate � silicate � selenite � fluoride.

Describing Adsorption Data

Adsorption isotherms describe the relation between the mass of a sub-
stance adsorbed (adsorbate) by the solid (adsorbent) and the equilibrium
solution concentration (or, more appropriately, activity) supported by the
adsorbed phase. These data usually are fit to a model from which adsorp-
tion mechanisms may be inferred. Adsorption equations have been incor-
porated into solute transport models to estimate the retention and release
of adsorbing species during transport (e.g., Lewis et al. 1986).

One common model used to describe trace element adsorption data is
the Freundlich equation:

(4-6)

where x � the mass of trace element adsorbed; m � the mass of solid
phase adsorbent; C � the equilibrium concentration of adsorbate in solu-
tion; and K and n are empirically determined constants. Many researchers
have applied the Freundlich adsorption equation to describe adsorption

x
m

KC n� 1/
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of trace metals onto soils and soil minerals (e.g., Bowman et al. 1981; Gar-
cia-Miragaya and Page 1976).

Another model commonly used to describe trace element adsorption is
the Langmuir equation, which Langmuir (1918) originally developed for
adsorption of gases onto solids. When applied to minerals, soils, and sed-
iments, the equation can take the form

(4-7)

where k � a parameter related to the affinity of the adsorbent for the
adsorbate; and b � the adsorption maximum. A linearized form of the
equation typically is used to describe sorption data as follows:

(4-8)

From a plot of C/x/m versus C, the b and k terms can be estimated from
the slope and intercept, respectively.

The original derivation of the Langmuir model assumes that only one
type of adsorption site exists and that it has constant binding energy
(homogeneous surface). However, minerals, soils, and sediments contain
surface sites of varying specificity or binding energies. Syers et al. (1973)
addressed this problem by using a two-site Langmuir model (high-energy
and low-energy sites) to describe the sorption of phosphate by soils. Har-
ter and Baker (1977) and Sposito (1984) addressed other problems associ-
ated with using the Langmuir model, such as precipitation of the adsor-
bate and competition from other adsorbates.

Surface complexation models provide molecular descriptions of trace
element adsorption using an equilibrium approach that defines surface
species, chemical reactions, mass balances, and charge balances. Examples
of surface complexation models of the solid–solution interface are: the
constant-capacitance model (Stumm et al. 1980), the diffuse-layer model
(Dzombak and Morel 1990), the triple-layer model (Davis et al. 1978), and
the charge distribution multisite surface complexation (CD-MUSIC)
model (Hiemstra and van Riemsdijk 1996).

The constant-capacitance model assumes that adsorbing ions form
tightly bound inner-sphere complexes. The mechanism of adsorption of
anionic trace elements is ligand exchange with surface hydroxyls on
oxides and clay minerals. The model has been applied to the adsorption
of trace elements including B, Mo, arsenate, selenite, chromate, Cd, Cu,
Pb, Ni, Zn, and Hg (Goldberg 1985, 1986; Goldberg and Glaubig 1985;
Goldberg et al. 1996; Grossl et al. 1997; Gu and Evans 2007; Gunneriusson

C
x m kb

C
b/

� �
1⎛

⎝⎜
⎞
⎠⎟

⎛
⎝⎜

⎞
⎠⎟

x
m

kbC
kC

�
�( )1
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and Sjöberg 1993). The model has also been used to describe B, Mo, arsen-
ate, and selenite adsorption by soils (Goldberg and Glaubig 1986a; Gold-
berg et al. 2000, 2002, 2005a,b, 2007, 2008; Sposito et al. 1988).

In the diffuse-layer model, adsorbing trace elements also form inner-
sphere surface complexes with anion adsorption proceeding via a ligand
exchange mechanism. This model, as its name implies, also includes a dif-
fuse layer formed by the background electrolyte ions. The model has been
applied to the adsorption of the trace elements: Cr, V, B, Mo, As, Se, Cd,
Cu, Pb, Ni, Zn, and Hg on oxides (Dzombak and Morel 1990; Gustafsson
2003; Peacock and Sherman 2004). The model has not yet been applied to
adsorption by soils.

In the triple-layer model, adsorption can occur as inner-sphere surface
complexation or via an outer-sphere adsorption mechanism that results in
the formation of weaker surface complexes containing at least one water
molecule between the adsorbing ion and the surface functional group.
The model has been applied to the adsorption of the trace elements: Cr, V,
B, As, Se, Cd, Cu, Pb, Zn, and Hg on oxides (Balistrieri and Chao 1990;
Balistrieri and Murray 1982; Blesa et al. 1984; Davis and Leckie 1978, 1980;
Peacock and Sherman 2004; Sarkar et al. 1999) and Hg adsorption on the
clay mineral kaolinite (Sarkar et al. 2000). The model has been used to
describe chromate (Zachara et al. 1989) and molybdate (Goldberg et al.
1998) adsorption by soils.

The CD-MUSIC model considers various types of reactive surface
groups: singly, doubly, and triply coordinated hydroxyl groups. The
charge of the central ion in the surface complexes is distributed over the
coordinating ligands. Inner- and outer-sphere surface complexes are pos-
sible. The model has been applied to the adsorption of the trace elements:
Cr, Mo, As, Se, Cd, Cu, Pb, and Zn on oxide minerals (Bourikas et al
2001; Hiemstra and van Riemsdijk 1999; Ponthieu et al. 2006; Stachowicz
et al. 2006; Venema et al. 1996; Weerasooriya and Tobschall 2000). The
model has been used to describe adsorption of arsenate by soil (Gustafs-
son 2001).

Oxidation-Reduction Processes

Many trace elements exist in more than one oxidation state (e.g., V, Cr,
Se, As), and are therefore affected by electron transfer or oxidation-reduc-
tion (redox) reactions. Comprehensive reviews of redox reactions in natu-
ral systems are presented by Ponnamperuma (1972), Sposito (1981), and
Stumm and Morgan (1981).

Most unsaturated soils contain enough oxygen (O2) to maintain oxi-
dizing conditions. In poorly aerated soils where the supply of O2 is lim-
ited by the rate of diffusion, anoxic microsites can develop. Under water-
saturated conditions, the O2 supply rate may be slower than the O2

CHEMISTRY OF TRACE ELEMENTS IN SOILS AND GROUNDWATER 97
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demand, and anaerobic or reducing conditions may develop (Reddy and
Patrick 1983).

The potential for a substance to accept or donate electrons under equi-
librium conditions is represented by standard electrode potentials of
reduction half-reactions (Eh) relative to the half-reaction for the hydrogen
electrode. These reactions involve the transfer of electrons and depend on
the activity of electrons in solution, represented by pE, the negative loga-
rithm of the aqueous electron activity.

A major electron-donating process in soils is the microbial oxidation of
reduced organic carbon. Oxygen is the primary electron acceptor for this
reaction. In the absence of O2, other soil constituents act as the electron
acceptor and are reduced. Bohn et al. (1979) lists the principal electron
acceptors in soils in the order of their tendency to be reduced, as indicated
by the equilibrium potentials of the half-reactions at pH 7: O2 � NO3

� �
MnO2 � FeOOH � SO4

2� � H� � (CH2O)n.
Within the range of redox potentials reported for soils (Baas-Becking

et al. 1960), changes in oxidation states for many trace elements are
expected. The reduction reactions can increase or decrease the concentra-
tion of trace elements. For example, reduction of Mn(III) or Mn(IV) to
Mn(II) increases the concentration of Mn because Mn2� is more soluble.
In contrast, reduction of SeO4

2� to the much less soluble elemental Se
decreases Se concentration. Selenate reduction may be the major mecha-
nism immobilizing Se in sediments and preventing its transport to the
groundwater at the Kesterson National Wildlife Refuge on the west side of
the San Joaquin Valley, California. The refuge was formerly an impound-
ment for agricultural drain water with high concentrations of selenium
(e.g., White et al. 1991).

Minerals, such as MnO2 and Fe(OH)3, act as sorbents for trace ele-
ments; hence, dissolution of these solid phases also can release adsorbed
trace elements. During an investigation of As mobility in groundwater,
Gulens et al. (1979) found decreased adsorption of As by hydrated ferric
oxide under reducing conditions. They attributed this to reduction of
Fe(III) to the more soluble Fe(II) and subsequent release of As. Con-
versely, Reddy and Patrick (1977) reported that water-soluble Pb concen-
trations decreased (from 45 to 22 �g/L at pH 5) with increases in redox
potential due to the probable formation of Fe and Mn oxyhydroxides
under oxidized conditions, with subsequent adsorption of Pb.

Under sufficiently reducing conditions, sulfate is reduced to sulfide
and trace metal sulfides precipitate (Lindsay 1979). For example, Bing-
ham et al. (1976) and Reddy and Patrick (1977) reported a decrease in
Cd mobility under reducing conditions due to precipitation of cadmium
sulfide.

Considerable effort has been expended to visually represent stability or
predominance fields for minerals and dissolved constituents in natural
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systems, as a function of Eh (or pE) and pH (e.g., Drever 1988; Garrels and
Christ 1965; Hem 1985; Lindsay 1979). Their diagrams represent equilib-
rium systems and provide critical information on possible equilibrium
assemblages of minerals and coexisting water compositions. They also
help identify disequilibrium assemblages of minerals and aqueous redox
couples (Thorstensen 1984).

Redox reactions in natural systems generally are considered to be at only
partial equilibrium because the kinetics usually are slow; therefore, equilib-
rium is not achieved, owing to lack of effective coupling of redox reactions
(Sposito 1983; Thorstensen 1984). The platinum (Pt) electrode has been used
extensively for the measurement of redox potential in field situations.
However, Pt-electrode measurements do not necessarily represent the
redox potential of the system; they may be the result of a single electroac-
tive redox couple or may represent mixed potentials at the electrode surface.
Thus, in natural systems, Pt-electrode measurements should be interpreted
with great caution (Lindberg and Runnells 1984; Thorstensen 1984).

In natural systems, kinetically limited redox reactions are commonly
mediated by microbial organisms. Therefore, the appropriate microbial
population must be present to effect a particular reaction. Organisms gen-
erally affect only the kinetics of the reaction and do not alter the thermo-
dynamic constraints (Sposito 1983). However, some reactions and species
occur that would not be predicted by the overall redox status of the soil
due to the presence of microenvironments and microbial populations.
Selenium, for example, can be present in oxidized and reduced forms in
different microenvironments of the same system.

In spite of the problems discussed, environments exist where domi-
nant redox couples are effectively catalyzed and thermodynamic inter-
pretations may be applied. In flooded soils, for example, reduction of Fe
and Mn minerals produces high concentrations of Fe2� and Mn2�, which
can dominate the redox potentials of the system and, thus, allow a quanti-
tative thermodynamic description of redox-active ion activities (Bohn
et al. 1979; Ponnamperuma 1972; Sposito 1983). Other investigators have
reported Nernstian behavior between measured Eh and various redox-
sensitive elements (e.g., Nordstrom et al. 1979a).

BIOGEOCHEMICAL BEHAVIOR AND DISTRIBUTION OF 
TRACE ELEMENTS IN SOILS AND GROUNDWATER

The relative importance of biogeochemical processes discussed in the
preceding sections is determined by an individual element’s mode of
occurrence. An element’s mode of occurrence is, in turn, determined pri-
marily by the pH and redox status of soil solutions and groundwaters,
and by the solid phase controlling solubility and distribution. A review of
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the distribution, sources, and behavior of individual trace elements in the
near-earth-surface environment is presented here to provide a framework
for evaluating potential trace element pollution problems associated with
irrigated agriculture.

Sedimentary rocks and soils are the solid-earth materials that most
affect and determine the trace element chemistry of groundwaters (Hem
1985). Sedimentary rocks can be divided into four groups, based on their
resistance to weathering: resistates, hydrolyzates, precipitates, and evap-
orites. Resistates are rocks composed primarily of residual aluminosili-
cate minerals that are not easily altered chemically by the weathering of
parent rock. Hydrolyzates are composed primarily of insoluble metal
oxide and aluminosilicate minerals derived from the weathering of parent
rock. Precipitates are rocks that are a result of direct precipitation of min-
eral matter from aqueous solution. Evaporites are rocks composed of min-
erals deposited during evaporation.

Evaporites affect the composition of some soil solutions and ground-
waters associated with irrigated agriculture. However, little is known
about their trace element concentrations (Hem 1985). Trace element con-
centrations generally are higher in hydrolyzates than in resistates and
precipitates. This is especially true for those elements that adsorb strongly
to metal oxide minerals, such as Zn, Ni, Hg, Pb, Cu, Cr, Ba, and As.

Regional assessment of groundwater and drainage-water quality in
relation to regional-scale geohydrologic and geochemical processes are
common goals of groundwater investigations of trace elements in irri-
gated areas. Spatial and statistical analysis of data collected over large
geographic areas can provide information about the distribution of trace
elements and insights about processes affecting their distribution and
mobility. Multivariate statistical and spatial analyses can be useful tools
for this endeavor. For example, Deverel (1989) used a combination of
geostatisitcal analysis (kriging) and principal component analysis inte-
grated using a geographic information system (GIS, Arc/Info) to assess
the distribution of principal component scores in the San Joaquin Valley,
California. This provided a way of assessing relations among constituents
for a large number of samples analyzed for more than 20 chemical con-
stituents. Analysis of the principal component scores in relation to geo-
morphology elucidated constituent sources and regional processes
affecting trace element mobility. Deverel and Galanthine (1989) also suc-
cessfully utilized spatial analysis using GIS and kriging to assess the rela-
tion of soil and groundwater salinity and selenium concentrations in the
western San Joaquin Valley.

By way of another example, in the western United States during the
1980s and 1990s the U.S. Department of the Interior conducted studies
related to Se and other trace elements in soils, drainage waters, surface
waters, and biota in major irrigation projects (Engberg et al. 1998; Presser
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et al. 1994). Naftz (1996) attempted to summarize and synthesize the data
for the 23 projects where studies had been conducted throughout the
western United States. He used a combination of geochemical modeling
and simple salt calculations for 1,962 samples collected from the 23 study
areas using calculation of the normative salt assemblage with the pro-
gram SNORM (Bodine and Jones 1986) and pattern recognition modeling
to assess selenium–hydrochemical facies associations. The normative salt
assemblage can lead to a unique characterization of the sample chemical
composition providing information about solute sources and can be visu-
alized as the solid residuum that coexists with the last vestige of water
upon evaporation.

Naftz’s (1996) analysis demonstrated three distinct hydrochemical
facies. Facies 1, which showed an absence of calcium carbonate and ele-
vated concentrations of Na, Ca, and Mg sulfate salts, was positively corre-
lated with hazardous levels of Se. His results are consistent with data col-
lected in the San Joaquin Valley and other areas that point to Se–sulfur
associations in primary and secondary minerals as geologic sources for Se
in soils, groundwater, and drainage water (Presser and Swain 1990).

Alkali and Alkaline Earth Metals

Barium

Barium is a priority pollutant, and aquatic life and drinking-water crite-
ria have been established (EPA 1986). Mineralogical sources of Ba include
aluminosilicate mineral structures, such as feldspars and micas, where Ba
substitutes for K and Ca. Barium, which is present in the �2 valence state,
also substitutes for Ca in secondary minerals, such as calcite and apatite. In
weathering environments, Ba solubility seems to be primarily controlled
by reactions with mineral surfaces and by the precipitation and dissolution
of barite (BaSO4) and witherite (BaCO3) (Rai and Zachara 1984).

The interaction of Ba with mineral surfaces is important in controlling
aqueous concentrations. Nonspecific adsorption on constant-charge sur-
faces exerts substantial control on aqueous Ba concentrations (e.g.,
Elprince et al. 1980). Barium is also specifically adsorbed onto silicate
and Al, Mn, Ti, and Fe oxide minerals (Kinniburgh et al. 1976; Posselt
et al. 1978). We found no documentation of high Ba levels in saline envi-
ronments. The available evidence for marine environments indicates
that Ba concentrations are limited by the solubilities of the sulfate and
carbonate minerals.

Lithium

Although typically present as a monovalent cation, lithium’s small ionic
and atomic size causes it to behave similarly to the divalent alkaline earth
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metals, especially Mg2�. Mineralogically, lithium occurs in Li-halogen and
Li-oxygen bonds, primarily in silicate, phosphate, and halide minerals.

Released from these primary minerals during weathering, Li� com-
monly is removed from solution by incorporation into clays. Among
monovalent cations, Li is the most weakly bonded of all the alkali metals.
In soils and groundwater in which Na and K are present at high concen-
trations, Li may remain in solution and behave conservatively. Deverel
and Millard (1988) found that Li concentrations greater than 100 �g/L
were associated with groundwater salinity in NaSO4

� dominated shallow
groundwater beneath the western San Joaquin Valley, California.

The environmental toxicity of Li is not well documented; however, it is
apparently toxic to plants at concentrations of less than 100 �g/L in irri-
gation water. Bradford (1963) reported that citrus trees may be damaged
by irrigation water containing 60 to 100 �g/L of Li.

Transition Metals

Chromium

Chromium exists primarily in the trivalent (Cr(III)) and hexavalent
(Cr(VI)) forms. The hexavalent form is substantially more toxic than the
trivalent form (EPA 1986). Reduced plant growth (James and Bartlett
1984; Turner and Rust 1971) and soil microbial activity (Ross et al. 1981)
were reported due to high concentrations of Cr in soil.

Anthropogenic inputs in the form of sewage sludges, waste water,
industrial metal processing, and wood preservation and mining activities
are the primary sources of high Cr concentrations in soils and groundwa-
ters. Chromium is second to Pb in frequency of occurrence at U.S. Super-
fund sites (Tiesta 2005). Robertson (1975) reported naturally occurring
Cr(VI) concentrations as high as 200 �g/L in Arizona, owing to the disso-
lution and oxidation of Cr(III)-bearing minerals. Oze et al. (2007) summa-
rized data for other locations where high naturally occurring Cr(VI) con-
centrations have been identified, including Italy, Mexico, and California.
Chromite in mafic and serpentinic rocks and sediments occurring at con-
vergent plate margins is the primary source of hexavalent chromium. Oze
et al. (2007) demonstrated accelerated chromite oxidation in the presence
of birnessite, a common Mn mineral. This natural oxidation can lead to
Cr(VI) concentrations that exceed the World Health Organization maxi-
mum drinking water contaminant level of 50 �g/L.

Ball and Izbicki (2004) assessed the processes affecting the natural
occurrence of Cr in 200 groundwater samples collected in the Mojave
Desert in California. Concentrations ranged from less than 0.1 to
60 mg/L; almost all in the hexavalent form in groundwater samples col-
lected in sediments derived from mafic rock. Close to recharge areas
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where near-oxygen-saturated groundwater pH values were near neutral,
Cr concentrations were low. Concentrations increased downgradient as
long as oxygen was present. Trivalent Cr was present in groundwater dis-
charge areas where oxygen was below 1 mg/L. Concentrations varied by
geologic material. Higher concentrations were associated with mafic rocks,
and lower concentrations were associated with alluvial materials derived
from mixed volcanic, granitic, and mafic sources. The results of this study
indicated that geologic origin of aquifer materials and groundwater redox
status are the primary factors affecting Cr species and concentration in
groundwater.

In Hinkley, California, in the Mojave Desert, where cooling water from
an industrial facility containing Cr as a corrosion inhibitor entered the
groundwater, there was some evidence for reduction of Cr(VI) to Cr(III)
(Andrews and Neville 2003), and pH and Eh data pointed to Cr(III) as the
stable species. However, the long-term persistence of Cr(VI) in the upper
aquifer indicated that electron donors for reduction of Cr(VI) were lim-
ited. In contrast, in the oxic and ferruginous Trinity aquifer in Odessa,
Texas, Henderson (1994) presented substantial evidence of adsorption,
reduction by iron minerals and immobilization of Cr(VI) at a Superfund
site. Trivalent Cr is the thermodynamically stable chemical form in these
and most environments (Barnhart 1997).

Laboratory studies and modeling by Friedly et al. (1995) and Ander-
son et al. (1994) demonstrated the importance of reduction of Cr(VI) by
ferrous iron in aquifer materials and along groundwater flow paths.
However, the time scale for disappearance of Cr(VI) in the field was lim-
ited by diffusion resistance. In the model of the field experiments, the
reducing agents [Fe(II)-bearing minerals] were heterogeneously distrib-
uted in thin strata located between larger nonreducing sand lenses that
comprised the bulk of the aquifer solids. The authors identified reducing
strata of the order of centimeters thick that were sufficient to contribute
enough diffusion resistance to cause the long observed timescales for
Cr(VI) reduction in the field relative to laboratory experiments. This
reduction process has been identified as a mechanism for Cr(VI) removal
along a groundwater flow path underlying and downgradient of a land
fill (Loyaux-Lawniczak et al. 2001). Extremely reducing and polluting
conditions, such as those identified by Davis et al. (1994) in groundwater
underlying and downgradient of a tannery in Woburn, Massachusetts,
increased solubility and mobility of Cr(III) due to its association with
hydrophilic acids.

Manganese also affects the fate and transport of Cr(VI) (Stanin 2005).
Oxidation of trivalent chromium by MnO2 is likely to occur in three steps:
sorption of trivalent chromium to MnO2 surface sites, subsequent oxida-
tion to hexavalent chromium by Mn(IV), and desorption of Cr(VI). The
interaction of Cr and Mn is important in groundwater fate and transport
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as they often show opposing tendencies (Stanin 2005). For example, in the
San Joaquin Valley, California, Deverel and Millard (1988) observed high
Cr and low Mn concentrations in the upgradient alluvial fan groundwater
and the opposite in the more reducing downgradient basin-trough ground-
water. Their results indicate that soluble Mn serves as an electron donor
for reduction of Cr(VI) to Cr(III).

The solubility of Cr(III) in soil solution and groundwater is affected
primarily by its interaction with mineral surfaces and co-precipitation
with iron-oxide-type minerals. Chromite (FeCr2O4) is stable at low tem-
peratures for most of the water stability region and could be formed as an
admixture or co-precipitate with ferrous hydroxide (Hem 1977). Rai and
Zachara (1986) identified the solid solution CrxFe1�x(OH)3 and Cr(OH)3

(chromium hydroxide) as the solid phase exercising the predominant sol-
ubility control on Cr(III) in geologic systems. The amount of Cr(III)
adsorbed by a Typic Fragiorthod soil increased with pH increasing to 4
(Bartlett and Kimble 1976). Trivalent Cr was also complexed by organic
compounds in soil (Bartlett and Kimble 1976).

Trivalent Cr oxidizes to the hexavalent form under conditions preva-
lent in some field soils (Bartlett and James 1979). Organic material and
manganese oxides (Bartlett and James 1979; Rai and Zachara 1986) are
important electron acceptors for this reaction. The hexavalent form can be
reduced to Cr(III) in soils (James and Bartlett 1983) and in water samples
acidified for preservation (Stollenwerk and Grove 1985b).

The mobility of Cr(VI) in soil solutions and groundwaters is controlled
by adsorption/desorption reactions at mineral surfaces and redox reac-
tions. Amorphous iron oxide has a high capacity for adsorption of Cr(VI)
(Leckie et al. 1980). Stollenwerk and Grove (1985a) and Weng et al. (1997)
used Langmuir isotherms to describe adsorption of Cr(VI) onto aquifer
materials and titanium oxide. Ionic-strength-dependent Cr(VI) adsorp-
tion as a function of pH was well described on amorphous iron oxide
using the triple-layer model (Davis and Leckie 1980) and on goethite
using the diffuse-layer model (Mesuere and Fish 1992). The diffuse-layer
model was also used to successfully describe Cr(III) adsorption on silica
and aluminum oxide (Csoban and Joo 1999). Adsorption of CrO4

2� by
goethite (Grossl et al. 1997) and titanium oxide (Weng et al. 1997) has been
successfully described using the constant-capacitance model. The CD-
MUSIC model was able to describe Cr(VI) adsorption by goethite as a
function of pH and equilibrium CrO4

�2 concentration (Weerasooriya and
Tobschall 2000). These approaches underscore the need to consider the
supporting electrolyte and competing ions in describing adsorption of
Cr(VI). Zachara et al. (1989) described chromate adsorption by soils as a
function of pH using the triple-layer model. These authors assumed that
the adsorption sites for chromate in these soils were the iron sites of alu-
minum substituted goethite.
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Molybdenum

Molybdenum occurs in oxidation states from �3 to �6. Under acidic
reducing conditions, the Mo(IV) oxidation state dominates and usually
precipitates as a sulfide. Under oxidized conditions, the Mo(VI) oxidation
state dominates, primarily as MoO4

�2. Because of its oxyanion form, it
commonly behaves conservatively in alkaline, oxidized environments.
Consistently, in western San Joaquin Valley shallow groundwater
(Deverel and Millard 1988), specific conductance explained 58% to 85% of
the variance in Mo concentrations. Molybdenum can substitute for Al, Fe,
and Ti in aluminosilicates or metal oxides, and is often associated with
organic materials in sedimentary rocks and soils.

Little evidence exists of human Mo toxicity from drinking water, and
few data are available on chronic Mo toxicity. Ruminants grazing in some
parts of the San Joaquin Valley of California were found to be adversely
affected by elevated Mo content, especially in legumes and mainly on
alkaline soils (Barshad 1948). Unlike legumes, most grasses and grains
tend not to accumulate Mo to toxic levels (O’Connor et al. 2001).

Mineral surface reactions and interactions with organic matter are
the predominant processes controlling the mobility of Mo in soils and
groundwaters (Jarrell et al. 1980). Adsorption and incorporation into Mn,
Fe, and Al oxides are predominant mechanisms controlling Mo solubility
in oxidized environments at low pH (Hem 1977; Reyes and Jurinak 1967).
Co-precipitation and adsorption of Mo with and onto manganese and
iron oxides decreases with increasing pH greater than 5 (Chan and Riley
1966; Reyes and Jurinak 1967).

Molybdenum adsorption has been described on Al and Fe oxides
(Goldberg et al. 1996), Ti oxide (Saripalli et al. 2002), and clay minerals
(Manning and Goldberg 1996; Motta and Miranda 1989) using the con-
stant-capacitance model. The CD-MUSIC model was used to describe Mo
adsorption on titanium oxide as a function of solution Mo concentration
and pH (Bourikas et al. 2001). Gustafsson (2003) found the diffuse-layer
model to be superior to the CD-MUSIC model in describing molybdate
adsorption by amorphous iron oxide. The triple-layer model was able to
describe Mo adsorption on Al and Fe oxides, clay minerals, and soils as a
function of solution pH and ionic strength (Goldberg et al. 1998, 2008).

A new approach for predicting Mo adsorption used a general regres-
sion model to predict constant-capacitance model (Goldberg et al. 2002)
and triple-layer model (Goldberg et al. 2008) parameters from easily
measured soil chemical properties: cation exchange capacity, organic car-
bon content, inorganic carbon content, and iron oxide content. This
approach provides a completely independent model evaluation and was
well able to predict Mo adsorption on soils of diverse orders having a
wide range of chemical characteristics, as indicated in Fig. 4-2.
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Vanadium

Vanadium (V) exists in four different geochemical environments: sul-
fide deposits, oxidized sulfide ores, aluminosilicates, and iron-oxide
deposits (Wedepohl 1972). Vanadium can exist in three oxidation states:
�3, �4, and �5 (Hem 1977). The trivalent form of V is incorporated into
sulfide minerals, and it often replaces Al in aluminosilicate structures and
Fe in iron oxide minerals (Schwertmann and Pfab 1996).

In oxidized deposits, V is present in the tri-, tetra- and pentavalent
forms. Evans and Garrels (1958) identified a V mineral weathering
sequence spanning the valence states from �3 to �5 and associated with
oxidized uranium deposits in the Colorado Plateau. Hem (1977) pre-
sented evidence that ferric and ferrous vanadates may control the solubil-
ity of V in natural waters. The vanadyl ion, VO2�, is dominant under
reducing environments and is strongly complexed by organic matter
(Wehrli and Stumm 1989). A large pool of adsorbed V exists in salt-
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FIGURE 4-2. Prediction of Mo adsorption on Wyo soil: (a) constant-capacitance
model; (b) triple-layer model. Circles represent experimental data; model predic-
tions are represented by solid lines. Adapted from Goldberg et al. (2008).
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affected Kesterson Reservoir evaporation pond soils that may be mobi-
lized under reducing conditions (Amrhein et al. 1993).

Interactions with mineral surfaces substantially influence aqueous V
activities in acidic environments. McBride (1979) and Taylor and Giles
(1970) described the adsorption of V on montmorillonite and Mn- and
Fe3�-oxides. Both the vanadyl, VO2� (Wehrli and Stumm 1989), and the
vanadate, HVO4

2� (Peacock and Sherman 2004), species are strongly
adsorbed on oxide surfaces. Both the diffuse-layer model and the triple-
layer model were successful in describing vanadate adsorption onto
goethite (Peacock and Sherman 2004).

Because it tends to exist in oxyanion forms, V commonly is mobile in
alkaline, oxidized aqueous environments. Consistently, Deverel and Mil-
lard (1988) reported V concentrations to be significantly correlated with
specific conductance data in shallow groundwater in the San Joaquin Val-
ley, California. Anthropogenic sources of V in soils and groundwater
include industrial wastes, sewage sludge, fossil fuel by-products, and
mine spoils (Mattigod and Page 1983; National Academy of Sciences
1974). Because of its mobility in oxidized environments, V from these
sources may represent a potential pollution hazard. Although tolerance
levels for aquatic life have not been established, incidences of industrial V
toxicosis, primarily from airborne V, have been documented (National
Academy of Sciences 1974).

Metalloids and Nonmetals

Arsenic

Because of its carcinogenic effects on human health, detectable concen-
trations (�g/L levels) of arsenic (As) in water consumed by humans are
undesirable (EPA 1986). In recognition of the hazards arsenic poses to
humans and domestic animals, the EPA recently lowered the drinking
water standard from 50 to 10 �g/L. The predominant factors governing
As levels in natural waters are the redox state of the water, aqueous–
mineral interactions, and biochemical transformations (Welch et al. 2000).
At higher soil redox (500–200 mV), As solubility is low and is predomi-
nantly present as As(V) in solution; under moderately reducing condi-
tions (0–100 mV), As solubility is controlled by the dissolution of iron
oxides (Masscheleyn et al. 1991).

Arsenic exists in several oxidation states. In the tri- and pentavalent
forms, it can be incorporated into aluminosilicates and titanium and iron
oxide minerals. In the more reduced �3 valence state, As forms sulfides,
such as arsenopyrite (FeAsS), realgar (AsS), and orpiment (As2S3). Welch
et al. (1988) described geochemical environments in the western United
States where As may be present in groundwaters. High As concentrations

CHEMISTRY OF TRACE ELEMENTS IN SOILS AND GROUNDWATER 107

 

D
ow

nl
oa

de
d 

fr
om

 a
sc

el
ib

ra
ry

.o
rg

 b
y 

St
ev

en
 D

ev
er

el
 o

n 
12

/2
3/

14
. C

op
yr

ig
ht

 A
SC

E
. F

or
 p

er
so

na
l u

se
 o

nl
y;

 a
ll 

ri
gh

ts
 r

es
er

ve
d.



are found in groundwaters in alluvial basins derived from neutral to
acidic extrusive and volcanic rocks. Groundwaters in gold mining areas
and geothermal areas where arsenosulfide minerals are present generally
have high As concentrations. The application of arsenical pesticides is
another source of As pollution in groundwaters and soils (Hem 1985).

Biogeochemical transformations of arsenic include biomethylation to
produce soluble methylated arsenic compounds and mono- or dimethyl
arsine gases (Faust et al. 1983; Lemmo et al. 1983; Welch et al. 1988).
Volatilization rates of As as arsines are influenced by As form, As concen-
tration, soil moisture, soil temperature, and organic amendment (Gao and
Burau 1997).

Adsorption and co-precipitation of As by clay minerals and metal
oxides are the predominant solubility controls in oxidized environments
(Hem 1977; Leckie et al. 1980; Pierce and Moore 1980). Leckie et al. (1980)
demonstrated that arsenate adsorption on amorphous iron oxyhydroxide,
Fe(OH)3, decreased at pH values greater than 8. Both arsenate, As(V), and
arsenite, As(III), are adsorbed on oxide minerals. The adsorption behavior
is pH-dependent; at low pH arsenate is adsorbed to a greater extent,
while arsenite is adsorbed more at high pH (Raven et al. 1998).

Arsenic adsorption has been described on Al and Fe oxides (Gao and
Mucci 2001, 2003; Goldberg and Johnston 2001) and clay minerals (Man-
ning and Goldberg 1996) using the constant-capacitance model. The dif-
fuse-layer model (Dixit and Hering 2003; Dzombak and Morel 1990) and
the triple-layer model (Benjamin and Bloom 1981; Goldberg and Johnston
2001; Hsia et al. 1992) have been used to describe the adsorption of arsen-
ate and arsenite on iron oxides. Arsenate and arsenite adsorption has
been described using the CD-MUSIC model for gibbsite (Weerasooriya
et al. 2003, 2004), goethite (Stachowicz et al. 2006), and an allophanic soil
(Gustafsson 2001).

Similar to the approach for Mo, arsenate adsorption was predicted
using a general regression model to predict constant-capacitance-model
parameters from easily measured soil chemical properties: cation
exchange capacity, inorganic carbon content, organic carbon content, iron
oxide content, and surface area (Goldberg et al. 2005b). This approach
provided a completely independent model evaluation and was well able
to predict As(V) adsorption on many soils from both the southwestern
and midwestern United States having a wide range of chemical character-
istics, as indicated in Fig. 4-3.

Boron

Boron generally behaves conservatively in natural waters. It occurs
primarily as the undissociated acid H3BO3 at pH � 9 and as the B(OH)4

�

anion at pH � 9. Primary and secondary aluminosilicate minerals often
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contain B, as it substitutes for silica and Al. In semiarid, and arid envi-
ronments, B may substantially threaten irrigated agriculture due to its
phytotoxic effects and conservative behavior. Soil minerals can attenuate
potentially phytotoxic soil-solution B concentrations because plants
respond only to B in solution (Keren et al. 1985). Evidence exists that
bioaccumulation to levels toxic to waterfowl can occur (Smith and
Anders 1989; Hoffman et al. 1990). Deverel and Millard (1988) reported B
concentrations that were highly correlated with shallow groundwater
salinity in the San Joaquin Valley, California. Boron concentrations can
be affected substantially by interaction with mineral surfaces. Most
researchers have described the B–soil association as one of adsorption or
desorption. Goldberg (1997) and Rai and Zachara (1984) have summa-
rized research in this area.
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FIGURE 4-3. Prediction of As adsorption on soils using the constant-capacitance
model: (a) Bernow soil; (b) Summit soil. Experimental data are represented by
circles for the A horizon and squares for the B horizons. Model predictions are
represented by solid lines for the A horizon and dashed lines for the B horizons.
Adapted from Goldberg et al. (2005a).
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Elrashidi and O’Connor (1982) used the Langmuir and Freundlich
equations to describe B adsorption. The change in adsorptive behavior with
changing pH cannot be accurately described using this approach. Boron
adsorption onto various minerals and soils is strongly pH-dependent,
exhibiting maximum adsorption from pH 7 to 10.

Keren et al. (1981) successfully modeled the pH dependence of B
adsorption on soils and montmorillonite. Goldberg and Glaubig (1985,
1986a, 1986b) and Goldberg et al. (2000) applied the constant-capacitance
model to B adsorption on soils and various minerals from pH 3 to 12. The
diffuse-layer model has been applied to B adsorption by amorphous iron
oxide (Dzombak and Morel 1990). The triple-layer model was used to
describe B adsorption by oxide minerals (Blesa et al. 1984) and kaolinite
(Singh and Mattigod 1992).

Similar to the approach for Mo and As(V), B adsorption was predicted
using a general regression model to predict constant-capacitance-model
parameters from easily measured soil chemical properties: surface area,
inorganic carbon content, organic carbon content, and Al oxide content
(Goldberg et al. 2000, 2004, 2005a). This approach provided a completely
independent model evaluation and was well able to predict B adsorption
on soils of diverse orders having a wide range of chemical characteristics,
as depicted in Fig. 4-4. The prediction equations, developed from B
adsorption as a function of pH on a set of soils from the southwestern
United States, were able to predict B adsorption as a function of solution B
concentration on a set of soils from the midwestern United States, indicat-
ing wide predictive capability (Goldberg et al. 2004).

The soluble B in irrigated soils may regenerate or increase in concen-
tration after reaching a constant low concentration. Peryea et al. (1985)
concluded that slow release of B from adsorption sites and diffusion of B
from small pores to large pores are the mechanisms responsible for the
regeneration of B in the soil solution. Weathering of soils with a high
amount of structural B may release phytotoxic levels of B within a few
years of reclamation unless leaching is maintained (Su and Suarez 2004).
(See Chapter 19 for a discussion on B reclamation in soils.) Corwin et al.
(1999) evaluated five different approaches for predicting B–surface inter-
actions and transport in large lysimeters using the TETrans solute trans-
port model. They concluded that the pH-dependent Keren equation was
the best-performing chemical adsorption model. Their results suggest
that pH and ionic strength were the most influential chemical factors, fol-
lowed by temperature and kinetics for B transport.

Selenium

Selenium generally is similar to sulfur in its chemical behavior (Lakin
1973). Substantial evidence exists that suggests Se is associated primarily
with sulfide minerals present in sedimentary environments (Sindeeva
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1964). The mobility of Se in the aqueous phase depends on aqueous
complex formation, redox speciation, and reactions at mineral surfaces.
High concentrations of Se in groundwaters and agricultural drain
waters in several western U.S. states primarily result from the high
mobility of the SeO4

�2 (selenate) ion, the predominant species in alkaline,
oxidized environments (Crist 1974; Deverel and Millard 1988; Sylvester
et al. 1988).

Selenate (SeO4
2�), although it adsorbs on oxide surfaces (Peak and

Sparks 2002), generally is nonadsorptive in soils (Neal and Sposito 1989),
especially in the presence of high concentrations of sulfate. Selenite
(SeO3

2�), in contrast, generally adsorbs strongly onto mineral surfaces
(Balistrieri and Chao 1987; Ryden et al. 1987) and soils (Neal et al. 1987a,b).

Selenite adsorption has been described on iron oxide minerals using
the constant-capacitance model (Goldberg 1985; Duc et al. 2006) and the
diffuse-layer model (Dzombak and Morel 1990). The triple-layer model
described selenite adsorption on iron and manganese oxide (Balistrieri
and Chao 1990). By describing selenite adsorption using inner-sphere sur-
face complexes and Se(VI) adsorption using outer-sphere surface com-
plexes, the triple-layer model (Hayes et al. 1988) and the CD-MUSIC
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FIGURE 4-4. Prediction of B adsorption on various depths of a soil profile using
the constant-capacitance model: (a) 30–60-cm depth; (b) 60–90-cm depth; (c) 90–
120-cm depth; (d) 120–150-cm depth. Circles represent experimental data; model
predictions are represented by solid lines. Adapted from Goldberg et al. (2005b).
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model (Hiemstra and van Riemsdijk 1999; Rietra et al. 2001) correctly
accounted for the differing strength of adsorption of these ions.

Selenite adsorption on four California soils was qualitatively predicted
using the surface complexation constants obtained by applying the con-
stant-capacitance model to one other California soil (Sposito et al. 1988).
Similar to the approach for Mo, As(V), and B, Se(IV) adsorption was pre-
dicted using a general regression model to predict constant-capacitance-
model parameters from easily measured soil chemical properties: inor-
ganic carbon content, organic carbon content, Al oxide content, Fe oxide
content, and surface area (Goldberg et al. 2007). This approach provided a
completely independent model evaluation and was well able to predict
Se(IV) adsorption on many soils from both the southwestern and mid-
western United States having a wide range of chemical characteristics, as
depicted in Fig. 4-5.

Fio et al. (1991) evaluated the mobility of selenite and selenate in San
Joaquin Valley irrigated and nonirrigated soils. They conducted sorption
studies of selenite and selenate and incorporated the results into a one-
dimensional solute transport model to simulate changes in soluble and
adsorbed Se and to evaluate the potential for leaching of Se to ground -
water. Model results showed that selenite can represent a potential long-
term source of Se to the groundwater. In contrast, selenate behaves
conservatively under the alkaline and oxidized conditions in the western
San Joaquin Valley and is easily leached from the soil.
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FIGURE 4-5. Prediction of Se adsorption on the B horizon of Dennis soil using
the constant-capacitance model. Circles represent experimental data; model pre-
dictions are represented by solid lines. Adapted from Goldberg et al. (2007).
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Selenium toxicity in waterfowl at Kesterson Reservoir in the San
Joaquin Valley, California, resulted from high concentrations of SeO4

2� in
shallow groundwater (e.g., Presser and Ohlendorf 1987). This Se contam-
ination of the groundwater results from irrigation of soils derived from
cretaceous and tertiary geologic materials in the California coast range.
The semiarid climate resulted in the formation of naturally saline soils in
many areas. Irrigation of these soils resulted in the movement of soluble
salts, including Se, into the groundwater. Partial evaporation of a shallow
water table in low-lying areas resulted in even higher salinity and Se con-
centrations (Deverel and Fujii 1988). Farm drainage systems remove this
high Se groundwater in some areas. Drain water in some areas is mixed
with nonsaline water and reused for irrigation. In other areas, drain water
is mixed with surface runoff and irrigation water and discharged to adja-
cent wetlands and the San Joaquin River.

Metals: Cadmium, Copper, Lead, Nickel, and Zinc

The biogeochemical behaviors these metals are similar; therefore, they
will be discussed as a group. In oxidized sedimentary and secondary min-
eral environments, the solubility, mobility, and distribution of these met-
als is primarily affected by adsorption onto and co-precipitation with iron
and manganese oxides and oxyhydroxides, pH and interactions with
solid- and dissolved-phase organic matter (e.g., Adriano, 2001; Gibbs
1976; Jenne 1968; Kinniburgh et al. 1976; Quirk and Posner 1976). Sewage
sludge, animal manures, pesticides, and fertilizers are significant sources
of Cd, Cu, Pb, Ni, and Zn in agricultural soils. Mattigod and Page (1983),
Alloway (1995) and Adriano (2001) have extensively reviewed the sources
and mobility of these metals in soils. Fertilizers and sewage sludge are Cd
sources, swine manure and pesticides are Cu sources, and sewage sludge
and pesticides are Pb and Zn sources (Adriano, 2001). Sewage sludge is
the primary anthropogenic source of Ni. The primary sources of these
constituents in agricultural soils are sewage sludge and fertilizers. Pesti-
cides, mining, and smelting activities also contribute these elements to
some agricultural soils. Non-anthropogenic sources can also contribute
soil concentrations that cause lowered crop productivity and phytotoxic-
ity. For example, Ni concentrations in serpentine-derived soils can be
problematically high for some plant growth.

Sewage sludge application is a significant source of Cd, Cu, Pb, Ni,
and Zn to soils worldwide. There has been some long-term research on
the behavior of these elements in sludge-amended agricultural soils as
interest in applying sewage sludge to soils has increased substantially
during the last two decades. Adriano (2001) summarized results of field
experiments that spanned more than 10 years. Data from the United
States and Europe indicated Zn as having the highest input rate (usually
by an order of magnitude) to sludge-amended soils. The high Zn inputs
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can in turn affect the mobility and bioavailability of other trace metals of
concern (Cu, Cd, Ni, and Pb). Incorporation of sewage sludge has led to
marked increase in Cd, Cu, Pb, Ni, and Zn concentrations in the upper
30 cm of receiving soils. Field studies generally showed no significant
concentration differences between soils with and without sludge appli-
cation below 30 cm (Adriano 2001; Berti and Jacobs 1998; Dowdy and
Volk 1983). However, some studies point to the mobility of these metals
to deeper depths (Dowdy et al. 1991; Steehuis et al. 1999). The increased
mobility of Cd, Cu, Pb, Ni, and Zn in sludge-amended soils can be attrib-
uted to the formation of metal-organic compounds and preferential flow
in the unsaturated zone.

There are also soil ecological effects of application of sewage sludge
as plant growth, soil microbial activity, and fertility can be affected.
McGrath et al. (1995) summarized the evidence for effects of metals
applied in sewage sludge on soil microbial activity and fertility in long-
term for studies conducted in the United States and Europe. Although
reduced plant yields were documented in some cases, these were not due
to decreased fertility but, rather, to adverse effects on nitrogen-fixing
microbes. There was also evidence for reduced total soil microbial mass.
Effects on microbes and plants were reduced by increased pH, clay con-
tent, and percent organic matter content which enhanced metal sequestra-
tion. Notably, effects on the microbial community were observed at soil
metal levels below European maximum allowable levels.

Application of animal manures (primarily poultry, swine, and bovine)
represents a significant source of Cu and Zn in soils. These metals are
often added to animal feeds in excessive amounts relative to animal needs
and significant amounts are passed through to feces. Sistani and Novak
(2006) recently summarized research on trace-metal accumulation in
manure amended soils. There is little evidence for movement of these ele-
ments past the upper 30 cm of soil. However, there is evidence for Cu and
Zn concentrations in surface runoff in the southeastern United States that
are toxic to aquatic life. Also, soil concentrations can build up to levels
high enough to result in yield reductions and phytotoxicity.

Phosphate fertilizers derived from sedimentary phosphates may con-
tain high levels of Cd, although concentrations and amounts of Cd
applied to soils are highly variable (Adriano 2001). In contrast, phosphate
fertilizers derived from magmatic sources generally contain negligible
amounts of Cd. Pesticides, such as copper sulfate, are sources of Cu in
many agricultural soils, and there is evidence that application of pesti-
cides and Cu fertilizers has resulted in high soil concentrations that can
lead to adverse effects on plants or the microbial community. In tropical
areas, long-term continuous application of Cu pesticides and fertilizers
has resulted in high crop concentrations and soil residues and occurrence
of phytotoxicity symptoms in tropical crops, such as coffee, tea, cocoa,
and bananas (Adriano 2001). Application of lead arsenate pesticides prior
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to the 1960s in deciduous fruit tree orchards has led to accumulation of Pb
(and As) in orchard surface soils (Peryea and Creger 1994). Atmospheric
deposition of Pb from its use in gasoline has resulted in high Pb concen-
trations in soils in highly industrialized areas.

Numerous studies have demonstrated high soil concentrations of Cd,
Pb, and Zn and phytotoxicity resulting from atmospheric deposition near
Pb, Zn, and battery smelting facilities (Adriano 2001). The phytotoxicity
of Cd, Cu, Ni, Pb, and Zn corresponds to their electronegativity (Cd �
Cu � Ni � Zn � Pb).

Even though there is little evidence for significant movement of Cd,
Cu, Pb, Ni, and Zn to groundwater, organic complexation and soil-water
and groundwater pH, salinity and redox potential need to be considered
when evaluating the mobility, solubility, and bioavailability of these ele-
ments in soils and groundwaters. Mobility and bioavailability of metals
in soils are generally reduced by increasing pH, organic matter content,
cation exchange capacity, and redox potential. Adding lime to soils with
high metal concentrations and sludged soils has been shown to reduce
plant uptake of Cd, Cu, Pb, Ni, and Zn. These metal species in soil are
dependent on pH, as illustrated previously for Cd. The most phytotoxic
cationic form predominates at pH values below 7.0, whereas metal
hydroxide or carbonate complexed species predominate above pH 7.0.
Solubilities of metals are reduced at higher pH values (above 6.5 to 7.0)
due to formation of metal phosphates and carbonates. For Cd, Cu, Pb, Ni,
and Zn, increasing pH is the predominant factor affecting bioavailability
to plants. Low pH (below 4.0) and low redox potential values that favor
solubilization of iron minerals facilitate movement in soils and may
result in groundwater contamination. This has been observed at indus-
trial hazardous waste sites in which other pollutants have greatly altered
subsurface redox and pH. Low redox and pH conditions favor solubi-
lization of metal hydroxides and oxy-hydroxides, thus increasing metal
solubility. However, reducing conditions that favor sulfate reduction
result in formation of metal sulfides and reduced metal solubility.

Cadmium, Cu, Pb, Ni, and Zn strongly adsorb on organic matter in oxic
sediments through ion exchange and chelation. Zinc and Ni form insolu-
ble organic complexes and adsorb onto soil organic matter. (Addition of
organic matter and/or lime is a common practice for reducing Ni avail-
ability in the reclamation of serpentine soils.) For sludge-amended soils,
numerous investigators have reported that variable proportions of Cd,
Cu, Pb, Ni, and Zn are present in organically bound forms. For example,
Hickey and Kittrick (1984) used selective extraction techniques to deter-
mine that organically bound heavy metals represented significant propor-
tions of the total metal present in the soil. Other studies with sludge-
amended soils also demonstrated that Cu is organically complexed to a
greater degree than the other metals (e.g., Emmerich et al. 1982). Paradoxi-
cally, metal-organic complexes in soil can enhance aqueous solubility.
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Modeling and quantitative estimation of organically complexed metals
in natural waters has traditionally been limited by lack of information
on the chemical composition of the dissolved organic matter and the
appropriate thermodynamic constants. Lerman and Childs (1973), Stumm
and Morgan (1981), Davis (1984), Davis and Leckie (1978), and others
attempted to quantify the effect of organic ligands on the aquatic solubil-
ity and mobility of various metals. Several authors have documented the
use of empirical, semi-empirical, and statistical models for estimating
metal–organic interactions (e.g., Elzinga et al. 1999; Guy and Chakrabarti
1976; McBride et al. 1997).

Several authors have examined the effects of varying salinity on metal
mobility and bioavailability. Cadmium mobility and availability for plant
uptake generally increased with increasing salinity and Cl concentrations.
For example, Amini et al. (2005) assessed the spatial variability of diethyl-
enetriaminepentaacetic acid (DPTA) extractable Cd in Iranian soils and
identified a positive and significant correlation with soil electrical con-
ductivity. Similarly, Khoshgoftar et al. (2004) and Norvell et al. (2000)
found that NaCl salinity mobilized soil Cd and increased its phytoavail-
ability. In contrast, Zn availability and mobility was generally not affected
by moderate salinity levels due to its propensity to adsorb or precipitate
independently of soil salinity. Khoshgoftarmanesh et al. (2006) obtained
similar results. Their study and other studies (e.g., McLaughlin et al. 1997;
Weggler et al. 2004) included the analysis of Zn and Cd species in solu-
tion. With increasing salinity, Cd increasingly forms chloride complexes,
which increases total solution concentrations and Cd availability to
plants. Cadmium-chloride complex formation also results in displace-
ment of Cd from exchange sites. Although we were unable to find studies
of effects on groundwater quality, based on these results of these stud-
ies, we expect that increasing salinity may increase Cd movement to
groundwater.

We identified three studies of salinity effects on the bioavailability and
mobility of other metals. Preeda et al. (2002) evaluated the effect on DPTA
extractable Zn, Cu, Ni, Pb, Cd, and Cr in Thailand sludge-amended soils
at different salinity levels ranging from a nonsaline control and 2 to
42dS/m. DPTA-extractable Zn, Cu, and Pb concentrations were higher
than the control in the 2 and 4 dS/m treatments, and concentrations were
lower in the 8, 19, 31, and 42 dS/m treatments. DPTA-extractable Ni con-
centrations were unaffected by salinity below 8 dS/m but concentrations
were lower at higher salinities.

Usman et al. (2005) assessed the effect of metal immobilizing sub-
stances (Na-bentonite, Ca-bentonite, zeolite, iron oxides and phosphate
fertilizers) and NaCl salinity (1,800 mg/L versus a deionized-water con-
trol) on the availability of heavy metals: Zn, Cd, Cu, Ni, and Pb to wheat.
The largest reduction in metal bioavailability was found for bentonites.
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Irrigation with saline water (1,600 mg L�1 NaCl) resulted in a significant
increase in metal chloride species (MCl� and MCl�2). The highest metal
complexation with Cl occurred for Cd, which was about 53% of its total
soil-solution concentration. The total concentration of Cd in soil solution
increased by 1.6- to 2.8-fold in saline water. The NaCl salinity caused a
significant increase in uptake and shoot concentration of Cd for two har-
vests, and small but significant increase in shoot Pb concentration.
Saline water increased the availability of Cd and Pb to wheat and
decreased the efficiency of bentonites to immobilize soluble Cd. Zinc,
Cu, and Ni levels in wheat were not different for the nonsaline and
saline treatments, presumably due to the relatively low propensity to
form chloride complexes.

Keshavarz et al. (2006) assessed the mobility of native-soil Zn under
different NaCl salinities in calcareous soils. Their results indicate that the
partitioning of soil Zn changed with increasing salinity to 20 dS/m. These
authors concluded that increased salinity redistributed nitric-acid-
extracted Zn to the soluble and exchangeable and organic forms of Zn and
became more available to plants with increasing salinity.

Mercury

Mercury exists in the mercurous (�1), mercuric (�2), and metallic (0)
forms in soils and groundwater (Hem 1970). Mercury readily forms aque-
ous organic complexes and commonly is present in methylated forms
derived from biological metabolism (Jensen and Jernolov 1969). Chronic
toxicity of Hg is a dominant environmental issue (EPA 1986), and methyl
mercury is of primary concern in surface and subsurface drainage in agri-
cultural soils, especially soils flooded for rice or wetlands.

Sources of Hg in soils and groundwater include sewage sludges, mining
wastes, atmospheric deposition, soil parent materials, pesticides, fungi-
cides, and fertilizers. Phosphorous fertilizers in particular are reported to
have high Hg concentrations—4 �g/g to 100 �g/g (Anderson 1979).
Organic-rich shales, sedimentary clays, and sulfides are the major geo-
logic sources of Hg (Fleischer 1970).

The fluxes and forms of Hg in soils and groundwater depend on sev-
eral factors, including temperature, moisture content, and oxidation and
reduction state (e.g., Benes and Havlik 1979; Hem 1985). Soil atmos-
pheric flux can be considerable, with volatilization of inorganic forms and
release of methylated forms predominant. Although Hg sometimes can
move through the soil profile to shallow groundwater and drain water, it
usually is substantially removed from solution by adsorption or incorpo-
ration into organic matter (Anderson 1979).

In oxidized solutions, the Hg2� ion predominates. The divalent form
complexes with Cl– ion, so that aqueous HgCl0

2 will be the predominant
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dissolved inorganic form in most oxidized waters (Benes and Havlik
1979). Under reducing conditions, Hg exists in the relatively insoluble
elemental or sulfide forms, Hg(SH)2 and HgS2

2�. Dismutation of the mer-
curous form, Hg2

2�, to HgO � Hg2� also increases volatility and solubility
(Hem 1970).

Organic Hg complexes, including methylated and phenylated forms
(Benes and Havlik 1979) comprise a significant portion of soluble Hg in
soil solutions and groundwater. These complexes generally are unstable
and easily decomposed or volatilized. Adsorption of Hg2� removes Hg
from solution. Adsorption of Hg2� onto Mn oxides (Jenne 1970), Fe oxides
(Anderson 1979), and soils and sediments (Benes and Havlik 1979) con-
trols the fate of Hg in aqueous environments.

Mercury adsorption has been described using various surface com-
plexation models. The constant-capacitance model was used to describe
Hg(II) adsorption by goethite (Gunneriusson and Sjöberg 1993; Gunner-
iusson et al. 1995). Mercury(II) adsorption by Fe oxides and silicas was
described using inner-sphere surface complexes in the diffuse-layer
model (Bonnissel-Gissinger et al. 1999; Dzombak and Morel 1990; Tiffreau
et al. 1995). A combination of inner-sphere and outer-sphere surface com-
plexes were used to describe Hg(II) adsorption on quartz, gibbsite (Sarkar
et al. 1999), and kaolinite (Sarkar et al. 2000).

Caution must be exercised in the collection and preservation of sam-
ples for Hg analysis. Sources of Hg contamination are ubiquitous and the
ultraclean sampling methods (see Olsen and deWild 1999; USGS 2011)
should be used for groundwater and surface-water sample collection.
Adsorption to container walls can be prevented by acidification. Reduc-
tion to elemental Hg, which is easily volatilized, can be prevented by the
addition of an oxidizing agent, such as potassium dichromate or potas-
sium manganate.

EVALUATION OF POLLUTION POTENTIAL IN SOILS

Evaluation of soil quality relative to inorganic trace element concentra-
tions involves general consideration of the soil’s capacity to perform its
function within the ecosystem. This historically has been defined as plant
productivity and plant uptake and concentration [see Adriano (2001) for
more in-depth discussion of assessment of soil quality]. However, other
factors requiring consideration include potential leaching to groundwater
or drain water and potential movement of trace elements within eroded
soils or in surface runoff. Evaluation of uptake by plants requires compar-
ison of trace element concentrations in the soil with levels known to be
associated with harmful levels of plant uptake. Evaluation of all consider-
ations requires that the mode of occurrence of the element or elements be
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determined and the effects of the various biogeochemical and physical
processes be identified.

Soil chemical extractants have generally been used successfully to pre-
dict plant uptake, especially under controlled conditions. However, the
use of chemical extractants may be ineffective for predicting plant uptake
in uncultivated soils and among native species (Gough et al. 1979). Soil
chemical extraction procedures theoretically dissolve specific phases and
minerals in a soil sample. Chao (1984) wrote a comprehensive review of
selective dissolution techniques. The partitioning of elements, such as Se
and As, which typically are present as anions and undergo oxidation and
reduction reactions in soils, may not be effectively characterized by these
procedures (Gruebel et al. 1988). Less destructive techniques, such as scan-
ning electron microscopy, electron-microprobe energy-dispersive x-ray
analysis, and x-ray photoelectron spectroscopy, can provide information
about the mode of occurrence of trace elements in soils, but their utility is
typically limited by high detection limits.

Models can be used to evaluate the potential for soils to leach trace ele-
ments to the groundwater. The Fio et al. (1991) study cited in the Selenium
subsection is one example. Those researchers used a one-dimensional
model of Se transport in the unsaturated zone to provide information
about future movement to groundwater.

Evaluating the spatial distribution of the total concentrations of trace
elements in soils in relation to morphological features and hydrologic
processes can provide insight about sources, transport processes, and mobil-
ity. For example, Tidball et al. (1986a) spatially interpolated the results of the
analyses of more than 700 samples collected in the western San Joaquin
Valley, California. These samples were analyzed for more than 30 trace
elements. Mobile elements, such as Se, were concentrated in areas where
there was less leaching of alluvial material or evapoconcentration from a
shallow water table. They also found that less-mobile elements, such as Hg
and As, tended to be concentrated near the source of the alluvial deposits.

Factor analysis provides a way of examining the results from chemi-
cal analyses of a large number of samples containing trace elements
(Joreskog et al. 1976) by simplifying large quantities of data into associa-
tions with master variables. Controversy arises because of the subjectivity
involved in identifying master variables and assigning physical and
chemical meaning to them. Tidball et al. (1986b) used factor analysis to
evaluate the results of the sampling described by plotting the spatially
interpolated factor scores. McNeal et al. (1985) determined the mode of
occurrence of various trace metals in uncultivated soils of the northern
Great Plains by combining partial dissolution techniques (Chao 1984) and
factor analysis.

Another method of understanding the areal distribution and spatial vari-
ability of soil trace element concentrations is the low-density, hierarchical,
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analysis-of-variance approach extensively used by the U.S. Geological
Survey Branch of Regional Geochemistry (Tourtelot and Miesch 1975).
Geochemical differences among regional subgroups are identified by
determining the proportion of the total variability among all samples
represented by the subgroups. This division also allows for evaluation
of the proportion of the variance attributable to sampling and analytical
error.

Geographic information systems (GIS) are used extensively for map-
ping soil trace element concentrations in soils relative to factors that may
affect concentrations and transport to groundwater. Of specific interest is
the possibility of using GIS coupled with transport modeling to predict
potential groundwater contamination. Corwin and colleagues at the
USDA-ARS U.S. Salinity Laboratory in Riverside, California, developed
GIS for this use (e.g., Corwin 1996; Corwin and Wagenet 1996). Coupling
of GIS to transport models for assessing nonpoint source pollution pres-
ents numerous challenges resulting primarily from limitations in the
mathematical representations of complex transport processes, heteroge-
neous media, data availability, and difficulties in parameter estimation.
To date, applications have included primarily salt, pesticides, and
nitrates. GIS linked to deterministic or stochastic transport models offer
promise for characterizing the spatially variable nature of groundwater
contamination potential due to nonpoint sources of trace elements.

Soils are generally considered contaminated if the concentrations
exceed background levels unaffected by human activities. However, there
are numerous examples of high naturally occurring soil trace element
concentrations. For example, Ni concentrations in serpentine-derived
soils can be toxic to plants and animals. Sampling methodology and soil
clay and organic matter content also affect soil concentrations as trace ele-
ments accumulate in these soil fractions. The comparison of soil trace ele-
ment concentrations with background and/or established acceptable lev-
els needs to be conducted in conjunction with assessment of an element’s
mode of occurrence, mobility, and relevant soil physical and chemical
characteristics.

Several sources of trace element background values are available
(Alloway 1995; Bowen 1979; Kabata-Pendias and Pendias 1992). Adriano
(2001) provided a comparison of values for several investigators, including
Bowen (1979) who compiled the concentration ranges and median values
of trace elements shown in Fig. 4-6. Values of total concentrations higher
than those listed may indicate that a problem exists. However, because of
spatial variability and factors affecting concentrations, it is difficult to
assign single values for background concentrations. Also, the mode of
occurrence and mobility of an element in the soil needs to be evaluated
before drawing conclusions about potential harmful effects to plants or
animals or movement to surface or groundwater.
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FIGURE 4-6. Ranges of concentrations of trace elements in soils in mg/kg
(Bowen 1979). The rectangle represents the middle 50% of the data, and vertical
lines represent the median.
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During the last 20 years, various agencies have developed environ-
mental standards for soils by determining potential health effects related
to levels and duration of exposure to trace elements. Values vary depend-
ing on assumptions about exposure scenarios. Relevant to this chapter,
standards for trace elements have been established for application of
sewage sludge to agricultural soils. Adriano (2001) described the critical
levels used throughout Europe.

SUMMARY

The dominant processes that affect trace elements in soils and ground-
water are (1) precipitation and dissolution, (2) surface interactions and
adsorption, and (3) oxidation-reduction reactions. For each element or
group of elements, we provided a review of mode of occurrence, sources,
and relevant biogeochemical processes affecting mobility and plant
health, and trace element uptake. Last, we presented a discussion of con-
siderations of evaluation for pollution potential in soils. Salient general
conclusions follow.

• Because of their tendency to form oxyanions, the transition metals,
metalloids, and nonmetals (As, B, Cr, Se, V) are often mobile in soils
and groundwater. Mobility depends primarily on redox potential and
pH and secondarily on surface interactions. Depending on geologic
sources, high concentrations of these elements are often observed in
arid and semiarid areas because of the typically oxidized and alka-
line conditions.

• The informally named heavy metals (Cd, Cu, Pb, Ni, and Zn) are
generally unlikely to be mobile in soils due to their strong potential
to adsorb to soil minerals and soil organic matter, and to precipitate
as carbonates and phosphates. There is typically little potential for
leaching to groundwater at near-neutral pH and above. Long-term
application of sewage sludge, manures, and pesticides can cause
high soil concentrations that may affect plant productivity and affect
the soil microbial community. Low pH, high salinity, and forma-
tion of soluble organic complexes and preferential flow can result
in increased mobility and leaching to deeper soil horizons. Cad-
mium and Pb form soluble chloride complexes in saline soils, which
increases their availability to plants and may increase the potential
for leaching to groundwater.

• Mercury is an important contaminant in many locations throughout
the world. It is subject to a complex series of biogeochemical
processes that affect its mobility and toxicity.
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• Evaluation of the pollution potential of soils requires evaluation of
multiple factors and criteria. These include (1) spatial variability of
soil trace element concentrations and the processes affecting concen-
trations, (2) background concentrations unaffected by anthropogenic
activity, and (3) the forms of constituents of concern. In evaluating
pollution potential, it is important to consider the following:
– To effectively compare soil trace element concentrations with

background levels requires collection of sufficient numbers of
samples to effectively represent measures of central tendency and
variance, which necessitates analysis of spatial variability relative
to possible sources.

– Use of multivariate statistical methods, such as factor and princi-
pal component analysis, can provide insight into geochemical
associations and processes affecting distribution and mobility
and provide a framework for analyzing large amounts of trace
element data.

– Geographic information systems (GIS) can be an effective tool for
regional and subregional assessment of the distribution and
mobility of soil and groundwater trace element concentrations
and the potential for movement of trace elements to groundwater.

– Soil extractants can provide useful information about how trace
elements are partitioned in soils, especially relative to plant uptake.
However, for some elements, such as As, these selective extrac-
tion techniques are ineffective.

• Trace element adsorption in soils is a key factor for understanding
mobility of many trace elements and can be quantified in different
ways. These include surface complexation, constant-capacitance,
diffuse-layer, and triple-layer models, which have been applied suc-
cessfully in a variety of systems and to numerous trace elements.
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NOTATION

ai � activity of ion i
b � adsorption maximum
C � equilibrium concentration of adsorbate

IAP � ion-activity product
k � parameter that reflects affinity of adsorbent for adsorbate

K, n � constants (empirically evaluated)
Ks � stability constant

Kso � solubility product constant
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m � mass of solid phase adsorbent
mi � molal concentration of species i
SI � saturation index
x � mass of trace element adsorbed
�i � activity coefficient of species i
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